In contrast to the global trend of mangrove decline, New Zealand mangroves are rapidly expanding, facilitated by elevated sediment inputs in coastal waters as a consequence of large-scale land use changes following European settlement. New Zealand mangroves are at the southern limit of the global mangrove extent, which limits the tree height of Avicennia marina var. australasica, the only mangrove species present. Mangroves in New Zealand thrive in the sheltered environments of infilling drowned river valleys with abundant supply of fine terrigenous sediments, showing various stages of mangrove succession and expansion dynamics. Bio-physical interactions and carbon dynamics in these expanding temperate mangrove systems show similarities to, but also differ from those in tropical mangrove forests, for instance due to the limited height and complexity of the mangrove communities. Likewise, ecosystem services provided by New Zealand mangroves deviate from those offered by tropical mangroves. In particular, the association of mangrove expansion with the accumulation of (the increased supply of) fine sediments and the consequent change of estuarine ecosystems, has provoked a negative perception of mangrove expansion and subsequently led to mangrove clearing. Over recent decades, a body of knowledge has been developed regarding the planning and decision making relating to mangrove removal, yet there are still effects that are unknown, for example with respect to the post-clearance recovery of the original sandflat ecosystems. In this chapter we discuss the dynamics of New Zealand's expanding mangroves from a range of viewpoints, with the aim of elucidating the possible contributions of expanding mangroves to coastal ecosystem services, now and in the future. This chapter also reviews current policies and practice regarding mangrove removal in New Zealand and addresses the (un)known effects of mangrove clearance. These combined insights may contribute to the development of integrated coastal management strategies that recognise the full potential of expanding mangrove ecosystems.
Introduction
Mangroves are located throughout estuaries around the shores of northern New Zealand and are part of the island's native vegetation. The presence of mangroves in New Zealand has been dated back to 19 million years BP by association with Miocene deposits (Sutherland 2003) . Pollen records show that the mangrove species Avicennia marina has been present from around 14,000 years BP (Pocknall et al. 1989) , long before New Zealand was discovered.
The early Māori settlers valued the mangroves (mānawa in Māori) for their provisioning function for food and resources. Māori traditionally gathered kaimoana -fish and shellfish-in the mangroves and on adjacent mudflats (Crisp et al. 1990 ). To date, the Māori belief in the interrelationship of all parts of the environment resonates in the concept of kaitiakitanga -guardianship of the environment-which also applies to estuaries, mangroves included. The fundamental idea behind this concept is that all benefits are reciprocal and that an ecosystem that is sustained and cared for can provide benefits back to humans (Harmsworth and Awatere 2013) .
The approach to ecosystem management changed with the arrival of the European settlers, with widespread land use changes such as those associated with agricultural development and construction works initially resulting in a direct loss of mangrove habitat (Crisp et al. 1990; Dingwall 1984) . However, following rapid clear felling of the land and consequent erosion, sedimentation in estuaries increased and tidal flats started expanding rapidly, accommodating widespread mangrove expansion since the mid-20 th century (Lovelock et al. 2007; Lundquist et al. 2014b; Morrisey et al. 2007 ). These newly established mangroves generally occupy muddy intertidal flats that have expanded into estuaries that were previously dominated by coarser sandy sediments Lovelock et al. 2007; Stokes et al. 2010) .
More recently, the rapid expansion of mangroves and the 'muddification' of estuaries has raised concerns about the loss of diversity of estuarine habitats and a concomitant decline of ecosystem functioning (Harty 2009; Thrush et al. 2004) , in addition to the more tangible consequences related to recreational, navigational and amenity values of the estuaries (Lundquist et al. 2014b) . Therefore, mangrove removal is a common response to mangrove expansion in New Zealand, with little consideration of the ecosystem services that may be impacted, either positively or negatively, due to mangrove removal (Lundquist et al. 2014b; Morrisey et al. 2010; Stokes and Harris 2015) .
The New Zealand practice of mangrove removal contrasts strongly with international efforts to restore and expand mangrove area, with the goal of enhancing coastal safety by (re-)establishing the attenuating and stabilizing effects of mangroves (Friess et al. 2016a; Lewis 2005; Spalding et al. 2014; UNEP 2014) . Moreover, in the face of expected sea-level rise, accelerated sedimentation in mangrove forests could provide coastal zones with a natural resilience that engineered structures are lacking (Alongi 2008; Barbier 2014; Borsje et al. 2011; Bouma et al. 2014; Stagg et al. 2016; Temmerman et al. 2013) . Another benefit of mangrove expansion is the potential for carbon burial, combating increasing carbon emissions that are aggravating the severity and impacts of climate change Bulmer et al. 2016b; Donato et al. 2011; Friess et al. 2016b; Twilley et al. 1992) .
In this chapter we address lessons learned from the expanding mangroves in New Zealand, focussing on their (changing) biophysical, ecological and carbon dynamics, as well as local management practices coping with mangrove expansion. By doing so, we hope to provide a useful view on the dynamics and management of coastal areas where mangroves are expanding, either naturally (as in New Zealand) or as a result of successful mangrove restoration schemes.
We start with an introduction to the mangroves of New Zealand, their characteristic geophysical settings and their expansion dynamics (section 1.2), followed by an appraisal of the biophysical interactions in these expanding mangroves based on recent work in contrasting mangrove systems (section 1.3). The resulting morphological development and ecological succession of New Zealand mangroves is discussed from a forest succession perspective, identifying different pathways for the succession of prograding and stable mangroves (section 1.4). Both the morphological development and the forest succession are closely interlinked with the carbon dynamics of expanding mangrove systems, to be addressed in section 1.5. Moving on to the management of expanding mangroves, we first identify the ecosystem services and dis-services related to the expanding mangroves in New Zealand (section 1.6). Perceptions of the consequences associated with mangrove expansion are the main driver of mangrove removals in New Zealand. Historically, only minimal information on effects of mangrove removal was available to inform policy planning and decision making regarding mangrove removal, but recent research has led to more informed mangrove management practices, which will be discussed in section 1.7. Analysis of recovery trajectories of multiple decades of mangrove removal practices in New Zealand allows us to compare the ecosystem services provided by both intact and cleared mangrove sites. However, not all consequences of mangrove removal for the biophysical properties and functioning of these intertidal habitats are known and these knowledge gaps will be addressed in section 1.8. We conclude with an outlook on the future development of and (dis-)services provided by New Zealand mangroves and how these could be managed effectively and sustainably.
Mangroves in New Zealand

Mangrove distribution
Although mangroves predominantly occur in the tropics, they also can extend into temperate climate regions. Mangroves flourish in areas where mean monthly air temperatures are above 20 o C, with a seasonal range of up to 10 o C (Chapman 1977) . Beyond these areas, the poleward extent of mangroves is often limited by the incidence of ground frost and generally coincides with the winter position of the 20°C seawater isotherm (Duke et al. 1998 ). The mangroves on the North Island of New Zealand, together with those in southern Australia and eastern South America, are exceptions to the above water temperature limitation. These mangrove communities, at the extremities of the global mangrove distribution, are likely relict populations of a greater poleward mangrove distribution during a warmer period in the past, and may also be facilitated by extensions of irregular ocean currents, warming coastal waters and transporting propagules from the north (Chapman 1976; Duke et al. 1998; Macnae 1966) .
Both mangrove area and mangrove diversity generally decline with increasing latitude (Ellison 2002; Giri et al. 2011) . Temperate mangroves (sensu Morrisey et al. 2010 ) typically comprise a few species only, as opposed to greater species diversity in mangroves at lower latitudes. Restricted species diversity may limit the range of habitats that are suitable for mangroves at their latitudinal extremes, depending on species' tolerance of abiotic factors such as temperature, day length, aridity, water and soil salinity, tidal range and hydrodynamic exposure (Chapman 1977; Duke 1990; Morrisey et al. 2010; Tomlinson 1986; Watson 1928) . According to recent estimates of global mangrove cover of ~13.8 million ha, less than 1% of the world's mangroves are found at latitudes greater than 30 o (Giri et al. 2011) .
New Zealand's mangrove distribution covers about 26,050 ha (Spalding et al. 2010) . Mangroves are found from 34 o 27'S in the far north of the North Island to 38 o 05'S at Kawhia Harbour on the west coast and 38 o 03'S at Ohiwa Harbour on the east coast ( Figure 1 (Crisp et al. 1990; de Lange and de Lange 1994) ). Planted mangroves have been observed to establish and survive as far south as 41 o 13'S on the Hutt River, at the southern end of the North Island (de Lange and de Lange 1994). Frequency and duration of frost events, causing tissue damage in mangroves (Duke 1990; Saenger and Snedaker 1993) , form a primary constraint on mangrove expansion at the latitudinal limits of their distribution in New Zealand (Lundquist et al. 2014b) . Additional abiotic factors inhibiting the southward expansion of New Zealand mangroves are the prevailing currents and the lack of suitable habitats within the dispersal range of the propagules (de Lange and de Lange 1994). Propagules of the native mangrove remain viable for a few days only, which is too short for wind-induced drift currents to transport them past the rocky shores directly south of the southernmost limit of the present mangrove distribution (de Lange and de Lange 1994; Duke et al. 1998 ).
Geomorphological setting of New Zealand mangroves
Similar to most mangroves around the world, New Zealand mangroves thrive in sheltered coastal environments with a terrigenous sediment supply (Augustinus 1995; Chapman 1977; Thom 1982; Woodroffe 1992) . Whereas tropical mangroves also occur in river deltas and muddy open coasts with extensive intertidal flats, New Zealand mangroves predominantly occur in estuaries, tidal basins, lagoons, tidal creeks and river mouths, as shown in Figure 1 (Chapman 1976; Morrisey et al. 2010; Spalding et al. 2010) . The largest mangrove areas are observed in estuaries with large terrigenous sediment supply such as Rangaunu Harbour (2,416 ha) and the Firth of Thames (1,100 ha; locations indicated in Figure 1 (Lundquist et al. 2014b; Morrisey et al. 2010) ).
Estuaries in New Zealand are ancestral river valleys and bays that were flooded by rising sea levels during the last post-glacial marine transgression (Hume 2003; Roy et al. 2001) . Since the sea level stabilized, around 6500 years ago, the drowned river valleys and bays started infilling. The rate of estuarine infilling depends on the supply of sediment from the river catchment discharging in the estuary and the tidal prism flushing the estuary (Hume and Herdendorf 1992) . At the same time, coastal processes caused the formation of sandy barriers and spits across the entrances of some of these estuaries, reducing tidal ranges and currents inside the estuaries (Hume 2003; Roy et al. 2001) . The infilling of drowned river valley estuaries, which has accelerated since European settlement in New Zealand (see section 1.2.4), created intertidal flats that were suitable for mangrove establishment. Figure 1 . Mangroves in New Zealand are found from the tip of the North Island, down to Kawhia Harbour on the west coast and Ohiwa Harbour on the east coast (mangrove distribution data: Crisp et al. (1990) and Spalding et al. (2010) ). Names of locations are included for mangrove areas that are referred to throughout this chapter.
Mānawa -the New Zealand mangrove
The mangrove genus Avicennia tolerates a wide range of environmental conditions such as air and water temperatures, frequency and severity of frosts, day lengths and salinity (Chapman 1976; Duke 1990; Krauss et al. 2008; Stuart et al. 2007 ). Hence, Avicennia spp. cover the largest latitudinal range of all mangroves, from 32 o N on Bermuda to 38 o S in Australia and New Zealand (Duke et al. 1998; Krauss et al. 2008; Spalding et al. 2010; Tomlinson 1986 ). These distributional limits are hypothesized to coincide with a trend towards zero reproductive success, due to the limited summer period available for growth, flowering and fruiting (Duke 1990) .
New Zealand mangroves consist of a single species: Avicennia marina var. australasica (Figure 2 ), previously named Avicennia marina var. resinifera (Chapman 1976; Duke 1991; Tomlinson 1986) . The same species is also found in south-eastern Australia, New Caledonia and Lord Howe Island (Duke 1991) . Avicennia marina is also commonly known as the 'grey mangrove' due to the grey shade of its bark. Avicennia spp. have pneumatophores (i.e. pencil roots) that emerge from the bed for aeration on waterlogged soils. In New Zealand, these pneumatophores have heights generally ranging between 5 and 25 cm, and reaching up to several decimetres on the deeper banks of creeks and runnels through the mangroves (pers. obs. by the authors). Larger temperature stresses towards the latitudinal limits of mangrove distribution are associated with smaller tree heights and reduced net primary productivity Saenger and Snedaker 1993) . Low winter temperatures and frost have been reported to cause a direct loss of stem height due to die back of twigs (Lovelock et al. 2007) , and impact on terminal buds, limiting the growth of mangrove tree crowns so that only lower branches can continue growing (Chapman 1976) . Such periodic damage due to low temperatures can cause a stunted or dwarfed growth form, typically featuring a well-developed trunk and a wide, spreading canopy of limited height ( Figure 2 .A); (Chapman 1976; Crisp et al. 1990; de Lange and de Lange 1994; Saintilan et al. 2009 ). Nevertheless, stunted trees also occur in areas with taller trees, and hence this growth form is not uniquely caused by temperature stresses. De Lange and de Lange (1994) observed that, in New Zealand, stunted growth forms mostly occur on substrates with <50% mud (< 20 μm), whereas taller trees can be found on substrates with higher mud contents under the same climatic conditions (Figure 2 .B-C).
Avicennia marina var. australasica can grow to heights of up to about 10 m (Chapman 1976; Duke 1991) and New Zealand mangroves in the far north approach this height. Although mean tree heights generally reduce with latitude, other controlling factors such as abovementioned substrate type, but also soil drainage and tidal inundation can locally affect tree heights. Hence, stunted trees are also observed in the far north of New Zealand, whereas taller tree growth is observed closer to the southern limits of mangrove distribution as well, with 7-8 m tall trees in e.g. the Auckland region and in the Whangarei and Whitianga Harbours (Chapman 1976; Crisp et al. 1990 ; pers. obs. by the authors). In well-established mangroves, the taller trees are often observed at the mangrove fringe or close to a creek and tree heights decline in the landward direction (Chapman 1976; Lovelock et al. 2007; Morrisey et al. 2007 ). In rapidly expanding mangroves, tree age progressively declines towards the forest fringe, which coincides with a decline in height near the seaward fringe where seedlings have only recently established (Morrisey et al. 2007 ). These tree height gradients become non-uniform on creek-dissected mudflats (May 1999) and in wide stands of mangroves that have extended in a non-linear fashion over time, such as the extensive mangroves at the southern fringe of the Firth of Thames Swales et al. 2015) .
Mangroves are distributed across the intertidal profile from approximately mean sea level (MSL) to the highest spring tide mark (Duke et al. 1998; Tomlinson 1986; Watson 1928) . The lower elevation limit around MSL is associated with the inundation duration of the aerial roots under regular tidal conditions and physiological constraints of the mangroves with respect to this variable. Increased inundation frequency and wave activity at lower elevations inhibit the establishment and survival of mangrove seedlings (Balke et al. 2013; Balke et al. 2015; Lovelock et al. 2010) . Mangroves can extend to elevations at the upper end of the tidal prism, that are only infrequently flooded by extreme spring tides and episodic storm surges, with the latter substantially (but temporarily) increasing the inundation duration of the mangroves (Swales et al. 2007) .
Mangroves in New Zealand can be part of an extensive coastal ecosystem with multiple zones comprising different vegetation types occupying different intertidal elevations, as schematized in Figure 3 (Chapman 1976; Crisp et al. 1990; Graeme 2013; Wassilieff 2006) . The lower parts of muddy or sandy intertidal flats are often colonized by seagrass (Zostera muelleri) communities, which can extend from the edge of the mangrove zone down into the shallow subtidal (Chapman 1976; Wassilieff 2006) . At higher intertidal elevations, directly in front of the mangroves we generally observe a seaward extension of the mangrove root systems, forming a pneumatophore 'carpet' interspersed with (smaller) more isolated trees and seedlings, named the mangrove fringe. The upper end of the intertidal is the domain of saltmarshes and salt meadows. Saltmarsh vegetation consists of sea rush (Juncus kraussii) and oioi (Leptocarpus similis) that can form dense grasslands up to 1.5 m of height. Salt meadow vegetation is of lower height and consists of species such as saltwort (Sarcocornia quinqueflora) and remuremu (Selliera radicans) (Chapman 1976; Wassilieff 2006) . The separation between saltmarsh and salt meadow is not very strict, systems can intermingle and pervade into the upper mangroves. At the landward end, intertidal vegetation gives way to coastal scrubs and other land uses. (after: Chapman 1976; Crisp et al. 1990; Swales et al. 2015; Wassilieff 2006) : the lower intertidal is dominated by seagrass (Zostera muelleri); mangroves (Avicennia marina) thrive in the area above mean sea level; the upper intertidal is home to salt meadows, comprising succulents and herbs such as saltwort (Sarcocornia quinqueflora) and remuremu (Selliera radicans), and salt marshes, covering rushes such as sea rush (Juncus kraussii) and oioi (Leptocarpus similis); and at the landward end, coastal scrubs such as flax (Phormium tenax) are prevalent.
Mangrove expansion in New Zealand's anthropocene
European settlement and consequent developments initially caused a large-scale loss of mangrove habitat in New Zealand (Crisp et al. 1990; Lundquist et al. 2014b; Morrisey et al. 2007) . Human activities such as land reclamations for ports, landfills, airports (e.g. Auckland International Airport), agriculture and industrial and urban development directly impacted the mangrove area. Additionally, construction of causeways, marinas and other engineering works has restricted tidal flows and/or elevated water levels in some estuaries, reducing suitable mangrove habitats (Crisp et al. 1990; Dingwall 1984; Lundquist et al. 2014b ).
European settlement was followed by large-scale deforestation of river catchments since the mid-19 th century, intensifying land erosion and accelerating infilling of the drowned river valley estuaries (Burns and Ogden 1985; Lovelock et al. 2007; Lundquist et al. 2014b; Morrisey et al. 2010; Nichol et al. 2000; Swales et al. 2007) . Sediment supply to the estuaries was enhanced by the typical topography of New Zealand catchments with steep slopes and limited spatial extents, and due to the erratic precipitation patterns with episodic rainstorms. Large supplies of relatively fine terrigenous sediments to the estuaries resulted in increased water turbidity and accelerated sediment accretion, shifting these estuaries to muddier intertidal systems (Morrisey et al. 2010; Nichol et al. 2000; Thrush et al. 2004) . Consequently, sedimentation rates increased by an order of magnitude or more (Jones 2008; Nichol et al. 2000; Swales et al. 2009 ), as illustrated by the estuaries on the Coromandel Peninsula where accretion rates were found to be 50-80 times greater in the second half of the 20 th century than pre-European settlement (Jones 2008) . Although the stabilization of land-use practices has reduced sediment supply from the catchments over the past century, sediment yields and consequent sediment accretion rates are still substantially higher than in pre-European times (Healy 2002; Jones 2008; Swales et al. 2002) .
The accelerated estuarine infilling and vertical accretion of tidal flats, providing additional suitable habitat for mangroves, combined with larger nutrient inputs, climate warming and changes in relative sea level (due to accretion/subsidence) have facilitated the expansion of New Zealand mangroves during the past 50-70 years (Burns and Ogden 1985; Harty 2009; Lovelock et al. 2007; Morrisey et al. 2010; Swales et al. 2007; Swales et al. 2015; Swales et al. 2016; Young and Harvey 1996) . These processes have resulted in rapid mangrove expansion in the majority of the estuaries on the Coromandel Peninsula (Jones 2008) . In the Firth of Thames mangroves have expanded over a width of 1 km over the past 50 years Swales et al. 2007; . Historical analyses of aerial imagery of a limited number of Auckland estuaries suggested mangrove expansion rates of up to 20% per year, with an average of 4.1% per year, during the second half of the 20 th century (Swales et al. 2009 ). Updated analyses for all estuaries in the Auckland region suggest expansion rates of 3.4% per year for the 1940-2014 period. Since 1970, large differences in expansion rates between different mangrove growth forms have been reported, with average expansion rates of 1.1% and 20.7% per year for tall and dwarf mangroves, respectively (Suyadi, University of Auckland, pers. comm.).
The infilling of estuaries as they 'age' causes a shift in the relative proportion of different estuarine habitats, such as a decline of the sandflat area (see section 1.6 for related consequences to ecosystem services) in favour of intertidal mudflats and mangrove expansion (Morrisey et al. 2007; Roy et al. 2001; Saintilan 2004) . The accelerated infilling of New Zealand estuaries accelerates the shift towards mangrove habitats, and is also associated with increased turbidity levels, which is further enhanced due to resuspension by wave action in these shallow waters (Green et al. 1997; Green and Coco 2007; Roy et al. 2001 ). These changes come at the risk of reduced habitat diversity and a loss of ecosystem values (Saintilan 2004; Thrush et al. 2004) . For example, mangrove cover in the Whangapoua Harbour (on the Coromandel Peninsula) has more than doubled between 1945 and 2006, while seagrass habitat in this estuary has halved over the same period (Jones 2008) . Consequences of the rapid succession of New Zealand mangroves are further discussed in section 1.6.
Biophysical dynamics of expanding mangroves
Morphological change in expanding mangroves
Increased sedimentation in New Zealand's drowned river valley estuaries raises the intertidal flat heights and allows mangroves to establish. Sediment loads delivered to mangroves in these estuaries have a terrigenous origin, supplied by catchment run-off, and are primarily composed of fine sediments such as silts and clays (Griffiths and Glasby 1985; Healy 2002) . Nutrient addition coupled to the terrigenous sediment input, especially from catchments dominated by agricultural land use, can also promote expansion, although this effect plays a secondary role relative to that of sediment supply (Lovelock et al. 2007; Martin 2007; Melville and Pulkownik 2006) . Estimation of precise sediment budgets can be difficult, owing to the highly variable (both temporally and spatially) nature of sediment delivery (Bryce et al. 2003) , with large pulses of sediment delivered to estuaries episodically during storm events (Stern et al. 1986 ) and additional variation over seasonal timescales. Longer-term records (over the past century) of sediment-accumulation can be determined using 210 Pb geochronology (Nittrouer et al. 1979) , and these rates have been shown to be strongly dependent on the sediment supply and geomorphic setting.
Within New Zealand, short-term estimates (but integrating over seasonal timescales), vary widely and range up to 100 mm yr -1 (Table 10 in Morrisey et al. 2010) .
Following sediment delivery to the system, deposition processes vary between different types of mangrove systems. In more exposed-coast locations, deposition can be controlled by the larger-scale shelf and tidal forcing and baroclinic (river-influenced) flows (Wolanski et al. 2001 ). These processes often lead to the formation of the classic flat-fronted deltaic shape commonly found in tropical deltaic environments. In the quiescent upper reaches of estuaries, sediment resuspension and transport (asymmetry) are controlled by a balance between tidal currents, water depth, wind-driven currents and wind wave growth (Green et al. 1997; Green and Coco 2007; Hunt et al. 2015 Hunt et al. , 2017 . Mangroves occupy the landward edges of intertidal flats and expand seaward from these estuarine fringes (see section 1.4 for succession patterns). Deposition is also modulated by estuarine maturity as the tidal prism is smaller for (more mature) infilled estuaries (Friedrichs and Aubrey 1988) . In mangrove systems with incised creeks, the presence of the creeks further controls flow routing at low water depths, with sediment delivered to the forest once creek banks are overtopped, and in particular with formation of sheet flow and direct sediment supply from the estuarine waters once water depths exceed the height of the root system (Horstman et al. 2015) .
Biophysical interactions
Mangrove trees introduce considerable complexity to the hydrodynamics within coastal areas. The presence of obstacles (tree trunks, branches, leaves and roots) enhances drag. This vegetative drag removes energy from the system and has been observed to induce large-scale changes in flow directions Kobashi and Mazda 2005; Mullarney et al. 2017b ) and also dissipates swell and wind wave energy Horstman et al. 2014; Quartel et al. 2007; Vo-Luong and Massel 2008) . Mangroves can also dissipate longerperiod waves such as tsunamis (Alongi 2008; Danielsen et al. 2005; Wolanski 2007) or storm surges, provided the forest is of sufficient width (Mullarney and Henderson 2017), see Figure 4 . Thus, mangrove forests can act as an 'eco-defense', providing a protective barrier against wave impact and mitigating against coastal erosion, whilst simultaneously offering ecological co-benefits (see section 1.6 for these ecosystem services). Attenuation of hydrodynamic forces in mangroves creates a favourable environment for further sediment deposition (Horstman et al. 2014; Horstman et al. 2017; van Santen et al. 2007; Young and Harvey 1996) with spatial patterns of deposition within the forest being controlled by the small-scale interactions between the water and the vegetation elements, as illustrated in Figure 5 . In some areas, the enhanced vegetative drag (e.g. from water moving through the pneumatophores) removes energy from the system, creating zones of low flow which prevent sediment resuspension and promote deposition. However, in other cases, the vegetation elements have been shown to generate turbulence in the form of eddies and wakes at small length scales (corresponding to the widths of the obstacles or the spacing between them), which can lead to resuspension and local scour (Bouma et al. 2007; Mullarney et al. 2017a ). The shift between these two modes of behaviour is still not well known. In tropical systems, intense turbulence (characterised by dissipation rates of turbulent kinetic energy of up to 0.1 W kg -1 , values comparable to those observed near the bed in surf zones) has been observed to occur within pneumatophore canopies, with smaller values observed on the adjacent unvegetated mudflats. Even more intense turbulence was reported during large wave events or in regions with denser vegetation . In particular, the forest fringe between the unvegetated and vegetated regions, where relatively fast flows first interact with vegetation, is shown to be a particularly dynamic area. This intense turbulence at the fringe has potential to winnow fine sediments, which are then transported and deposited further into the forest, resulting in a gradient in grain size with distance into the forest . Likewise, turbulence production and near-bed turbulence intensities have been observed to decrease with vegetation density (see insets in Figure 5 ), creating a similar gradient in grain sizes of the deposits (Horstman et al. 2017; van Katwijk et al. 2010) .
Results from tropical regions have raised the possibility that mangroves may act as ecosystem engineers, by growing at densities which promote maximal energy dissipation and deposition, thus creating a feedback mechanism which allows for mangrove expansion . Furthermore, there are many other small-scale processes, whose influence on deposition in vegetated regions has not, to date, been studied in detail. Examples include the effect of vegetation-generated turbulence on the formation and break up of aggregates of silt and clay particles ('flocs'), which influences the settling velocity of particles (Wolanski 1995) , as well as the effects of bioturbation, which changes bed roughness, and biostabilisation, which can increase cohesiveness e.g. through the stabilizing effect of mangrove roots or excretion of extra-cellular polymeric substances (EPS) by microorganisms (cf. Widdows et al. 2004 ).
The balances between erosion and deposition on the small-scale may be different in mangrove forests in New Zealand, relative to those found in tropical environments, owing to substantial differences in tree geometry. New Zealand mangrove trees are smaller (more bush-like, see section 1.2.3) and pneumatophores are thinner, shorter and more flexible. Data obtained in the Whangapoua Harbour (for location see Figure 1 ) revealed pneumatophores with basal diameters of around 7 mm and mean and maximum heights of 150 mm and 250 mm, respectively, compared to basal diameters of around 13 mm and heights of up to 820 mm for Sonneratia mangroves in the Mekong Delta in Vietnam ). Similar to observations by Henderson et al. (2017) in tropical mangroves, enhanced deposition is observed in the fringing zone of mangroves in Whangapoua Harbour ( Figure  6 ), where the flow first interacts with the vegetation, facilitating an ongoing seaward expansion of these mangroves (further discussed in section 1.4).
Although preliminary observations suggest that turbulence generated within the smaller New Zealand pneumatophores is less intense (values of TKE dissipation rates from Whangapoua did not often exceed 10 -4 W kg -1 ), the extent of the influence of the other tree elements is not yet clear. In some cases, for the smaller mangroves in New Zealand, the branches and leaves of the trees themselves are submerged during high tides, and therefore, once water levels reach the tree canopy, will likely enhance drag (as observed in similar mangroves in Japan and Vietnam (Chen et al. 2016; Mazda et al. 1997; Quartel et al. 2007) ) and possibly also generate additional turbulence. Whether these differences suggest that other factors such as sediment supply may play a stronger role in setting sediment deposition patterns than local turbulence conditions is an active area of research (see for example Horstman et al. 2016; Horstman et al. 2017 ). (Horstman et al. 2017 ). (C,D) Sediment deposition rates were monitored with sediment traps (Ø 0.33 m) that were deployed in triplicates at the positions marked with ▲ in the cross-shore profile (photo credits: E. Horstman).
Succession of expanding mangrove systems
The structure of any mangrove forest depends on its successional history that evolves in a dynamic equilibrium with the environmental gradients that occur in the coastal zone. Because New Zealand mangroves are monospecific (see section 1.2.3), their successional history relates to growth forms within Avicennia rather than replacement of pioneer species with more mature forest. In addition, mangrove forests exclude understory species which could be a consequence of multiple factors: the high-stress environment making it difficult to cope with the added stress of reduced light (Janzen 1985) , competition, or the ability of mangroves to change soil conditions so their own recruits survive better (Bosire et al. 2006) . Environmental gradients in the coastal zone relate to resources, regulators and the inundation regime: resources are the factors which are consumed by growth such as nutrients; regulators are physical and biological parameters that cause stress such as salinity, accumulation of mud or predation; and the inundation regime controls the degree to which resources (sediment, nutrients etc.) are delivered and stresses, associated with tidal currents and wave action, are administered within the forest (Twilley and Rivera-Monroy 2009) . Of all the mangrove species, Avicennia is known to be the most tolerant to regulating stresses imposed by muddy substrates and salinity (Twilley et al. 1999) .
Factors limiting zonation and succession in mangroves are highly complex (Alongi 2009 ). Within New Zealand, environmental gradients vary greatly around the country due to variations in geomorphic setting, and so mangrove succession patterns are difficult to generalise. According to the original 5-class classification by Thom (1982) , most New Zealand mangroves can be classified as wave-dominated barrier lagoon type mangroves (typically with autochthonous sediment types), river-dominated type mangroves (typically with allochthonous sediments), or a combination of both. However, due to the rapid infilling of New Zealand lagoons with catchmentderived terrigenous sediments (see section 1.2.4), sediments in these lagoons are more likely to be allochthonous than not. However, even when geomorphic conditions of estuarine mangrove environments are similar, the classic succession states of initial pioneering, rapid growth, maturity, old age and death (e.g. Fromard et al. 1998 ) do not always occur (Lugo 1997) . Disturbance events (sometimes on large scale), restart the succession locally, and therefore succession patterns are sensitive to the external controls on the mangrove structure (Twilley et al. 1999) .
Forest development in New Zealand depends on the ability of the fringing mangroves to colonise seaward, which in turn depends on seedling establishment , and on the inundation regime being appropriate for mangrove growth . It is thought that expansion occurs during 'windows of opportunity' that correspond to relatively quiescent conditions which allow seedlings to establish in stable sediment conditions without being uprooted (Balke et al. 2015) . Following seaward expansion of the fringing mangroves, the condition of the landward forest is dependent on the provision of resources and stresses across the (extended) forest fringe (salinity, pH, sulphide levels, nutrients, waterlogging), both of which are controlled by the inundation regime (Lara et al. 2009 ). If growth is too intense at the fringe, growth and sustenance in the inward forest can suffer due to nutrient depletion by the fringe, but also because of dissipation of energy at the fringe, reducing the tidal range (and sediment and nutrient delivery mechanism) inward. Consequently, the trees are often locally taller at the fringe and diminish in height in the landward direction (section 1.2.3). Balke et al. (2015) and Lovelock et al. (2010) both discuss the role of waves on recruitment in mangroves in the Firth of Thames, which is exposed to a large fetch from the north. During La Niña years, the winds align with the orientation of the estuary, increasing the hydrodynamic exposure on the tidal flats and in the mangrove fringe, and seedlings are unable to establish. Conversely, during the protected south-westerlies of El Niño conditions, rapid establishment and expansion has been reported. Consequently, bands of dense trees can be detected as historic 'waves of expansion'. Measurements collected in 2016 show the rapid increase in vegetation density across a very short distance in the Firth of Thames (Figure 7 .B), with the accompanying flat-topped morphology (Figure 7 .A) indicating a reduced supply of sediment to the back of the mangroves. The photos in Figure 8 .A-D provide evidence for the rapid expansion of the mangrove fringe at this site, with very little change inside the dense forest (photo shown in Figure 9 .B) over the last decade. As described in section 1.3.2, these dense zones of vegetation at the fringe feed back into the hydrodynamics by dissipating energy and increasing sedimentation at the fringe (see also Figure 6 .A), with supply to the back forest reduced so that the morphology develops a nearly level surface. Very few studies exist of forest development at other New Zealand mangrove sites. Yet, our observations suggest that developmental controls might be quite different. Figure 8 shows the vegetation dynamics of the Firth of Thames and of two mangrove forests on the Coromandel Peninsula on the northeast coast of New Zealand's North Island over the past 16 years: one in a sandy back-barrier lagoon (Whangapoua Harbour), and one in a more muddy river-dominated estuary (Whitianga Harbour; see Figure 1 for locations). The median sediment particle sizes for these sites are shown in Figure 7 . Imagery from GoogleEarth shows the mangroves in the Whangapoua Harbour are changing rapidly (Figure 8 .I-L), whereas those in Whitianga have remained remarkably stable ( Figure  8 .E-H). Historical aerial photos from Whangapoua (not shown) show no mangroves were present in 1970, corroborating the rapid expansion of these mangroves, whereas mangrove stands in Whitianga were very similar to those observed today. Whitianga was also one of the estuaries visited by Captain Cook in November 1769, when he noted "low flat islands all cover'd with a sort of Mangrove trees" (Beaglehole 1955; p. 196 ). In the case of the expanding Whangapoua site, mangroves do not expand seaward in waves of establishment, like those in the Firth of Thames, but rather by establishment of seedlings in the gaps between widely dispersed single trees throughout the intertidal. Recruitment is therefore controlled by the conditions in the gaps (Clarke 2004), where light availability is better and growth is higher (Krauss et al. 2008) , and predation might be reduced (Osborne and Smith 1990) . The lack of expansion in the riverine site (Whitianga) may reflect the rapid changes in sediment load associated with the common flooding events that regularly inundate the site. Although the lower salinity environment favours enhanced mangrove growth (Krauss et al. 2008) , sediment loads can cause fluctuations in the surface which may bury or uproot seedlings (Balke et al. 2013 ) and shrubs. Ten centimetres of episodic sediment deposition has been reported to kill Avicennia trees (Ellison 1999 ) and a sedimentation rate of 10 cm yr -1 causes substantially reduced growth (Sidik et al. 2016) . Certainly, the longevity of the Whitianga forest has allowed the development of mature stands composed of large trees (Figure 9 .D).
The above three examples illustrate the large differences in growth form and forest development that can occur over a short geographical distance. The youngest of the three forests discussed here is the Whangapoua site, which is located in a sandy estuary with low sediment supply, and is characterized by short trees (Figure 9 .G-I) and a linear intertidal profile (Figure 7 .G). Sediment and tidal energy can easily penetrate this sparse canopy to supply nutrients and sediments to the inner forest, accounting for the recruitment and morphology building inward. The Firth of Thames is a medium-aged site, where the sediment loads from the nearby rivers create conditions that are ideal for rapid seaward expansion. The relatively high surface elevation gains (see upper panels in Figure 7 for inter-site comparison), mainly at the seaward fringe of the mangroves, compared to other Indo-Pacific countries , show the importance of sediment loading to expansion in New Zealand mangroves. Together with regulating stresses, the rapid seaward expansion of the intertidal flats accommodates fast expansion of the mangrove vegetation ( Figure 8A-D) , resulting in a very dense canopy just behind the forest fringe ( Figure  9 .B). Finally, at the oldest forest, in the Whitianga Harbour, we hypothesize sediment loading is too great for rapid development of the fringe; in this case the sparse fringing canopy of very tall, old growth trees (Figure 9 .D) allows sediments to penetrate inward to the point where the inundation regime is too small and larger mangroves die out to be replaced by inland species (Figure 9 .F). In both the Firth of Thames and Whitianga, the established vegetation at the fringe is characterised by larger trees (Figure 9 .A,D), which benefit from the unrestricted supply of water-borne resources and presumably larger trees are also better equipped to withstand the higher stresses due to waves and currents impacting on the mangrove fringe. The smaller shrubs, affected by a limited supply of resources across the forest fringe and more exposed to temperature stresses (section 1.2.3) due to greater distance to the water edge, only become commonplace as the gaps are infilled further into the forest. 
Carbon dynamics of expanding mangroves
Mangrove ecosystems are thought to account for as much as 14% of carbon sequestration by the global ocean (Alongi 2014) . Primary production in mangrove ecosystems typically decreases with increasing distance from the equator ). However, even at the limits of mangrove distribution, primary production in New Zealand mangroves remains high, estimated at 4 to 10 tonnes C ha -1 yr -1 based on litter fall rates of 3.24 to 8.1 tonnes dry weight ha -1 yr -1 (Gladstone-Gallagher et al. 2014; Woodroffe 1982) , biomass carbon concentrations (Bulmer et al. 2016a, b) , and established relationships between litter fall and wood and root production . As mangroves in New Zealand are estimated to cover 26,050 ha (Morrisey et al. 2010) , this rate equates to 104,000 to 260,000 tonnes of carbon produced each year within New Zealand mangrove ecosystems. High rates of primary production in combination with unique sediment conditions, such as anoxia which slows the breakdown of carbon (Figure 10 ), result in carbon burial rates in New Zealand mangroves of 0.67 tonnes C ha -1 yr -1 (Pérez et al. 2017 ). The accumulated carbon stocks within New Zealand mangrove ecosystems are estimated at 117 tonnes C ha -1 , including above and belowground biomass, and carbon within the sediment up to 1 m below the surface (Bulmer et al. 2016b ).
The high stocks of carbon within New Zealand mangrove sediments also result in high rates of sediment CO2 efflux (average of 168.5 ± 45.8 mmol m -2 d -1 (Bulmer et al. 2015) ) relative to habitats containing lower organic carbon stocks, such as sandflat ecosystems where sediment CO2 effluxes are close to zero (Bulmer et al. 2017b ). Sediment CO2 efflux from mangrove ecosystems ( Figure 10 ) is primarily derived from CO2 released through root/mycorrhizae respiration and microbial respiration associated with the decomposition of organic matter . Other pathways for carbon losses from mangrove ecosystems include the emission of other greenhouse gasses such as CH4, export of dissolved carbon from the sediment to the water column, and the export of particulate organic carbon from litter and other detritus ). Mangroves in New Zealand are primarily expanding over adjacent unvegetated mudflats, which often used to have a sandier substrate prior to the rapid infilling and muddification of the estuaries (see section 1.2.4). Consequently, mangrove expansion in New Zealand is not only associated with enhanced carbon stocks, but also an increase in sediment CO2 efflux from the mangrove ecosystems compared to the original sandier ecosystems ( Figure 10 ). However, it is important to note that when carbon losses associated with the CO2 efflux are subtracted from carbon stocks stored within tree biomass or buried within the sediment, expanding mangrove ecosystems still provide a net gain in carbon stocks (Pérez et al. 2017) . Taking account of these factors, expansion of New Zealand mangroves has been estimated to result in an increase in carbon stocks by 79 tonnes C per ha -1 (Bulmer et al. 2016b) . This gain in carbon stocks following mangrove expansion is not immediate, rather it is estimated to occur over decade to century time scales, based on carbon accrual rates in sediments of Avicennia marina forests of 0.67 tonnes C ha -1 yr -1 (Pérez et al. 2017) . As mangrove ecosystems in New Zealand have been estimated to be growing in extent by 1068 ha -1 yr -1 (Morrisey et al. 2010) , mangrove expansion is estimated to result in an enhanced storage of carbon of 84 kilotonnes per annum.
Ecosystem (dis-)services of expanding mangroves
The expansion of mangroves in New Zealand initiates change to the ecosystem services delivered by the mangroves and their adjacent estuarine and coastal habitats. The enhanced capacity for carbon storage was described in section 1.5, and the coastal protection and erosion mitigation benefits of expanding mangroves were addressed in section 1.3.2. In addition to improving coastal stability, the retention of fine sediments within the mangroves reduces the risk of detrimental levels of siltation across sensitive coastal habitats located in proximity to the mangroves (Figure 11 ). Moreover, water flushing through the mangroves is 'purified', with nutrients and heavy metals being adsorbed to the sediments and becoming trapped in the mangrove 'sink' (Barbier et al. 2011; Ewel et al. 1998) . In this section we discuss the aspects of (mostly) biological ecosystem functioning that may be positively or negatively impacted as a consequence of mangrove expansion.
Globally, mangroves are considered to be an important ecological habitat, through the provision of safe haven, habitat and food for juvenile stages of numerous fish, and a diversity of crustaceans and terrestrial species (Claudino et al. 2015; Gladstone-Gallagher et al. 2016; Nagelkerken et al. 2008) . However, studies of mangrove productivity and related ecosystem services are predominantly conducted in tropical settings, or where extensive muddy coastlines or deltas support vast mangrove forests (Lee et al. 2014; Nagelkerken et al. 2008 ). The local climate and geomorphological setting (cf. section 1.2) will influence the overall productivity and ecosystem services that a particular mangrove forest can provide (Ewel et al. 1998; Lee et al. 2014) . New Zealand mangroves survive in a temperate climate, are often found in the upper reaches of estuaries and harbours, and are often relatively young, recently colonised forests (Lundquist et al. 2014b ). Therefore, the ecosystem services these forests provide may differ from those reported for mature tropical species.
There is no marine or estuarine fauna that is unique to mangroves in New Zealand (Morrisey et al. 2010 ). However, the habitat still supports numerous invertebrate and vertebrate species (Alfaro 2006; Crisp et al. 1990 ), including a diversity of terrestrial species (Doyle and Hogg 2015) . Similarities exist between temperate and tropical mangrove ecosystems in the broad functional groups that are represented. Most mangroves, in the tropics as well as at higher latitudes, host a range of algal and microbial communities. Epiphytic algae adhere to the mangrove roots, stems and sediments and provide nutrient dense food to grazing snails (Morrisey et al. 2010) . Additionally, benthic macrofaunal communities in temperate mangroves consist of a diversity of burrowing infaunal polychaetes and oligochaetes, gastropods, small crustaceans and crabs (Morrisey et al. 2003) .
A review of fish use of temperate mangrove systems suggests that fish are occasionally found in the mangroves, most commonly at the edge of mangrove habitats near deeper channels (Sheaves et al. 2016) . Species found to visit mangrove habitats in New Zealand are abundant fish species such as mullet, pilchards, eel, triplefins and parore (Morrisey et al. 2010) . Diet studies suggest most fish observed in New Zealand mangroves are feeding from the water column rather than deriving trophic benefits from mangrove ecosystems (Lowe 2013) . Migration of larvae and juvenile fish in New Zealand mangroves is limited compared to tropical mangrove systems where multiple tree species provide a complexity of submerged root structures, some of which are deeply or even permanently inundated, allowing for easy fish migration. Many New Zealand mangrove forests, in comparison, are only submerged by the tide for a few hours each tidal cycle and with water depths generally less than 0.3 m (Lundquist et al. 2017 ). There is, however, site specific variability of tidal inundation depth and exposure throughout the mangrove forests in New Zealand. For example, some fringing mangroves positioned at lower tidal elevations (see Figure 7 ) can be exposed to inundation depths of over a meter. The rapid expansion of New Zealand mangroves is also associated with a decline of some coastal ecosystem services, particularly with respect to societal and cultural values associated with the use of coastal habitats. Much of the mangrove expansion has occurred in the past 50 years (see section 1.2.4), within the living memory of New Zealanders who reside at and interact with the coast. As such, this notable change in the coastal landscape is often perceived to be detrimental to the 'health' of the estuary as it used to be (Harty 2009 ).
Rapid infilling and the associated mangrove expansion in New Zealand estuaries are at the basis of widespread concerns about the impacts on estuarine habitats (Figure 12 ), such as a decline of wading and roosting grounds for birds, and a reduced variety and abundance of shellfish Harty 2009; Lundquist et al. 2014b; Saintilan 2004 ). An increase in muddier, mangrove dominated habitat is typically associated with a change in macrofaunal communities, usually resulting in declines in bivalve abundance and increases in mud tolerant, opportunistic polychaete species . The low bivalve abundance and high mud content of the surface sediment within mangrove ecosystems suggest that mangrove expansion will also be associated with reduced fluxes of inorganic nutrients between the sediment and the water column, and a decline in the ecosystem value of this service (Bulmer et al. 2017b) . It is important to note that declines in shellfish beds would likely occur regardless of the presence of mangroves, driven by the increased mud content within estuarine habitats due to accelerated sedimentation (Robertson et al. 2015; Thrush et al. 2004) .
The broader implications of the increase in muddy, mangrove dominated intertidal areas on estuarine ecosystem functions are difficult to predict. However, the increasing heterogeneity of estuarine habitats has been associated with a reduction in ecosystem resilience and an increased likelihood of profound and unpredictable changes to ecosystem functioning (Thrush et al. 2004) . A key functional difference between mangrove ecosystems and bare tidal flats, apart from their carbon storage capacity (see section 1.5), is the increased potential for nutrient redistribution within mangrove habitat. Biogeochemical processes such as nutrient absorption by mangrove roots or litter fall Gladstone-Gallagher et al. 2014 ) are independent of direct sediment-water column exchange. Mangrove ecosystem expansion is also likely to be associated with an increase in the contribution of mangrove derived carbon and nutrients within estuarine food-webs, due to the increased mangrove biomass and associated detritus. These additional pathways may build resilience back into the system which was lost due to an increase in the sediment mud fraction. 
Mangrove removal in New Zealand
Overview of recent mangrove expansion
Mangrove expansion rates (reviewed in section 1.2.4) vary both within and between estuaries. Historically, mangroves were more commonly distributed around creeks incising the upper intertidal flats, often in areas far away from residential areas (Lundquist et al. 2017) . However, increased deposition associated with estuarine infilling, and reduced tidal flows due to infrastructure development (e.g. causeways and marinas), have resulted in expansion of intertidal flats. This allows mangroves to establish in locations where they do conflict with other values such as recreational and navigational access and ocean views (Figure 12 ). Concomitant declines in other estuarine habitats (e.g seagrass meadows, shellfish beds) are caused by increases in sediment supply and deposition, and not, as commonly perceived by the public, by invasion of mangroves into these habitats (Thrush et al. 2004) . Regardless, the perceived relationship between mangrove expansion and the decline of other intertidal estuarine habitats feeds the assumption that removal of mangroves will result in the restoration of other estuarine habitats and the values associated with these habitats (Harty 2009 ).
Mangrove removal policies in New Zealand
In response to mangrove expansion and perceived correlation with declines in estuarine ecosystem services, many community groups -estuary care groups-were established to support estuary restoration initiatives. These community groups were often focussing on mangrove removal only, with objectives of restoring historical ecological balances between mangroves and unvegetated sandflat habitats. Consequently, the majority of early mangrove removals (1990s and 2000s) were small community initiatives, using manual removal methods. The first mechanical removal consent was approved in 2010, using a wide-tracking mechanical digger to clear 100 ha of mangroves in the sub-estuaries of Tauranga Harbour (Lundquist et al. 2012) . Motivations for mangrove removal include improving recreational and amenity values; restoring ecological habitat such as sandflats, seagrass meadows and shellfish beds; restoring access and navigation; maintenance and use of coastal infrastructure; improving the function of drainage systems; and flood protection.
Mangrove removal policies and consent processes differ between the four regional councils (regional authorities charged with managing natural and physical resources) in whose jurisdiction mangroves are found in northern New Zealand. Overarching national legislation guiding council mangrove removal policies includes the New Zealand Coastal Policy Statement (NZCPS) and the Resource Management Act (RMA). Policy 11 of the NZCPS includes provisions to "avoid significant adverse effects and avoid, remedy or mitigate other adverse effects of activities on indigenous ecosystems and habitats that are only found in the coastal environment and are particularly vulnerable to modification, including estuaries, lagoons, coastal wetlands, dunelands, intertidal zones, rocky reef systems, eelgrass and saltmarsh." Further guidance is provided by section 12 of the RMA which states that "no person may, in the coastal marine area, destroy, damage or disturb the foreshore or seabed in a manner that has or is likely to have an adverse effect on the foreshore or seabed, or on plants or animals or their habitat, unless expressly allowed by a rule in a regional coastal plan or a resource consent."
Most councils allow some provision for non-notified mangrove removal to support public safety, coastal access, and maintenance of infrastructure (e.g. clearing for drainage; preventing tree growth from blocking roads and motorways). Policies for the removal of mangrove seedlings, intended to limit further mangrove expansion, vary across councils; for example, Auckland Council allows manual removal of single stem, non-reproductive seedlings less than 60 cm in height, with formal council notification required if the total area cleared is greater than 30 m 2 . Removal of adult, reproductive mangrove trees typically does not comply with most regional coastal policies, therefore requiring application for resource consent which often results in contentious Environment Court proceedings to assess whether adverse impacts are likely to occur, and if the objectives of consents are likely to be achieved. Regular reviews occur of these regional coastal plans, with the latest Auckland regional plan being finalised in 2017. Initial proposed planning conditions for the Auckland region allowed mangrove removal, in response to community desire to remove mangroves; however, these permissive conditions were removed during plan revisions in response to public submissions and a committee hearings process, which reflected on mounting evidence supporting best practice methods and likelihood of success of mangrove removals.
Mangrove removal strategies
The two primary methods for mangrove clearance are manual methods typically using chainsaws, and mechanical clearance of aboveground biomass, most commonly using a digger with a shovel/rake attachment (Figure 13 ). The use of mechanical diggers is associated with greater sediment disturbance than hand clearance, as sediment is compacted in mechanical tracks and the sediment column mixed due to digger/rake activity ( Figure  14) , with anoxic sediment commonly present on the sediment surface after application (Lundquist et al. 2017; Lundquist et al. 2012) . Cleared aboveground biomass is sometimes removed from the site, but mulching of aboveground biomass and leaving mulch in situ has also occurred. These approaches have been associated with adverse impacts as mulched biomass smothers the sediment and disrupts sediment chemistry, resulting in nutrient release and associated macroalgal blooms (Lundquist et al. 2012 ). More recent mechanical trials have shown reduced disturbance, by limiting the total area tracked by the digger (Figure 14 ; (Bulmer and Lundquist 2016) ). Below-ground biomass is generally left in situ, due to both expense and difficulties in removing it without creating substantial sediment disturbance (Alfaro 2010; Lundquist et al. 2012; Lundquist et al. 2014a; Stokes 2008) . Seedling removal is the method of mangrove removals with the least impact, although regular seedling removal is required at most locations to keep them from being recolonised (Lundquist et al. 2017) . Figure 13 . Mangrove clearance in New Zealand: (A) manual mangrove clearance using chainsaws in Mangere Inlet, Manukau Harbour (photo credits: C. Lundquist), and (B) mechanical clearance using digger with rake attachment at Whangamata (photo credits: R. Bulmer). Figure 14 . Impacts of mechanical mangrove clearance: (A) tracking disturbance from mechanical mangrove clearance at Tauranga (photo credits: C. Lundquist), and (B) reduced impacts of mechanical clearance at Whangamata through minimisation of tracking to 10-15% of sediment surface (photo credits: Waikato Regional Council).
Removal 'success' rates
The aim of many clearance operations is to restore sandflats that may have been historically present (Harty 2009 ). However, there is little scientific evidence to suggest that a loss of mud and return to a sandflat system will occur following mangrove clearance (Alfaro 2010; Lundquist et al. 2012; Lundquist et al. 2014a; Stokes 2008) . The conclusions on the impacts of mangrove clearance are further limited due to the lack of baseline measurements prior to mangrove clearance in most published studies (Alfaro 2010) . Most early mangrove removals in New Zealand anticipated an immediate return to sandflats, but had limited or no monitoring to demonstrate whether they were successful at achieving their objectives (Alfaro 2010) . Furthermore, removals using new methodologies (e.g. mechanical mulching) often lacked adequate trials of these methods to determine if adverse impacts were likely to occur (Lundquist et al. 2012; Stokes et al. 2016) . Nonetheless, two large scale removals have been associated with long-term monitoring, either through associated government funded scientific research, in Tauranga Harbour (Lundquist et al. 2012) , or through consent requirements in Whangamata Harbour (Bulmer et al. 2017a ). The Tauranga monitoring assessed removals at three sites in each of two sub-estuaries after removal of 110 ha of mangroves using mechanical mulching with in situ deposition. Monitoring over five years showed consistent responses of degraded macrofaunal communities, anoxic sediments, low rates of sediment erosion, and persistence of mulched aboveground biomass that was left in situ, and was further associated with extensive macroalgal blooms (Lundquist et al. 2012, Lundquist unpublished data) . The large-scale mechanical removals consented in Whangamata used either burn piles or offsite disposal of aboveground vegetation biomass (Bulmer and Lundquist 2016) . A trial and adaptive management process was included in the consent conditions (Bulmer et al. 2017a) to allow comparison and selection of mechanical (or non-mechanical) methods that provided the least risk of adverse impacts and the most rapid recovery trajectory toward sandflat conditions (Bulmer et al. 2017a) .
One additional study analysed the status of ~40 mangrove removal sites on the east coast, from Whangarei to Tauranga (Lundquist et al. 2014a ). This study showed that most mangrove removals occurred at sites that had already been impacted by changes in sediment characteristics prior to or beyond the observed mangrove expansion. Sites which had adjacent tidal flats with high mud content were unlikely to have sufficiently energetic hydrodynamic conditions to result in rapid erosion of fine sediments and associated decomposition of belowground mangrove biomass. Sandier, more exposed removal sites showed some change toward sandier unvegetated states and macrofaunal communities associated with these sandy sediments, though these sandier removal sites accounted for only a limited proportion of the total areas where mangroves had been removed (Lundquist et al. 2014a, Lundquist unpublished data) .
Comparisons between removal methods suggest that mechanical methods are typically associated with larger immediate adverse impacts and longer timeframes before sediment erosion occurs. Comparison of sizes and shapes of removals suggest that removals of alongshore narrow strips of vegetation (<30 m in cross-shore width) on seaward sides of forests were most likely to trend toward sandflat characteristics (Bulmer and Lundquist 2016) . Larger or shoreward removals were associated with degraded conditions except at the seaward edges. Cleared narrow strips perpendicular to the shore, a common strategy to create recreational access through mangrove forest, were rapidly recolonised by seeds from adjacent forest, and required regular seedling removal to maintain access (Lundquist et al. 2017) .
Generally poor success rates of mangrove removals to date have influenced multiple Environment Court decisions on regulatory policies for mangrove removal, usually resulting in more stringent rather than permissive requirements for removals, and often requiring site-specific assessments for any consents for removing adult mangroves.
The known & unknown effects of mangrove removal
Effects of mangrove clearance on estuarine morphodynamics
Morphodynamic changes following mangrove clearance are influenced by a range of environmental factors, including the hydrodynamic characteristics of the site, the size of the area cleared, and the pre-existing sediment conditions (further discussed in section 1.8.2). A cleared estuarine site positioned in proximity to either a tidal channel or the ocean entrance is more likely to experience surface erosion after mangrove removal, as waves and tidal currents are no longer attenuated (see section 1.3). Strong tidal currents, particularly flood flows, may be responsible for rapid scour after mangrove clearance, or conversely, may introduce fresh terrestrial sediments to the intertidal. Engineering works such as the construction of causeways or revetments, whether undertaken prior or post mangrove clearing, may induce further morphodynamic change. These solid obstructions may result in reduced flushing potential or enhanced erosion by the reflection of incoming waves (Winterwerp et al. 2013) .
The capacity of mangroves to trap sediments is well established (Furukawa and Wolanski 1996; Furukawa et al. 1997; Horstman et al. 2015; van Santen et al. 2007 ). The vertical elevation, or surface elevation, of a mangrove forest can increase by a combination of sediment accretion, root production (and decomposition) and groundwater influx (Krauss et al. 2014) . The capacity of mangroves to adapt and survive in a changing environment is contingent upon the rates of change of both mangrove surface elevation and sea-level rise ). However, with the felling of aboveground mangrove vegetation, both the trapping capacity of the site and the production of root material are removed. The resulting combination of sediment flushing, sediment compaction and the structural collapse of the remaining root material will likely produce a significant deflation of the substrate and a loss of surface elevation. Only one study has addressed this process in New Zealand, where surface elevation was reported to fall up to 38 mm yr -1 in the first two years following mangrove clearing (Stokes et al. 2010) . Elsewhere, a tropical site in Belize was assessed one and two years following the clearing of Rhizophora mangroves that fringed a small island. Here, the rate of elevation loss was spatially variable, ranging from 2 to 20 mm after two years (Hayden and Granek 2015) . Similar low rates of elevation loss have been reported where mangroves were destroyed in catastrophic hurricane conditions (Cahoon et al. 2003) . In southern Australia, sediment compaction and changed groundwater conditions have been linked to a similar geomorphological change (Rogers et al. 2014) .
Regardless of the driving process, the abovementioned observations imply that mangrove clearance results in a rising relative sea level, which then may impact on adjacent saltmarsh habitats or other land use functions (Rogers et al. 2014; Saintilan and Rogers 2013) . Exposed shorelines are also likely to become more vulnerable to erosion, especially if this localised rise in relative sea level is exacerbated by predicted global sea-level rise (Hayden and Granek 2015) .
Effects of mangrove clearance on sediment composition
The relationship between mangrove expansion and the resulting higher mud content of intertidal areas is one of the reasons for mangrove removal in New Zealand (sections 1.6 and 1.7). Sediment conditions prior to clearing can be characterised by the sediment texture (i.e. grain size distribution), the relative contribution of dissolved and visible organic matter, the amount of structural and fine root material, the density of algae and sediment nutrient loads. Importantly, these sediment conditions may, or may not, change with depth. An aspect of 'recovery' after mangrove removal is the change in these sedimentological characteristics towards a sand-dominated system which is more representative of the conditions that typically preceded the phase of rapid estuarine infilling and mangrove expansion. Benthic faunal community composition is linked to the sediment mud fraction (Robertson et al. 2015) , with most bivalve species sensitive to increased levels of silt and clay. As such, mud content is often reported as an index of recovery of benthic fauna as well. Other sediment metrics are typically measured alongside grain size: organic matter content (Figure 15 .C) and chlorophyll a content typically show higher values in a mangrove habitat compared to adjoining bare sandflats (see data presented in Figure 7 ). Organic content in particular is correlated with the mud content, and so temporal shifts tend to mirror textural changes (e.g. Grellier et al. 2017) .
In locations where repeated monitoring has been a requirement for mangrove removal resource consents, changes in sediment composition are reported over 3 years or less. However, the comprehensive assessment of removal sites, undertaken by Lundquist et al. (2014a) , reported up to decadal recovery timeframes. Generally, post-clearance mud contents were found to decrease more rapidly at sites that exhibited a higher sand content prior to mangrove clearance, associated with a greater exposure of such sites to tidal currents and wind waves. Conversely, more protected sites showed limited release of the sediment's mud content, even after 5 years. Stokes and Harris (2015) monitored a non-consented clearing in Whangamata Harbour at 3, 4 and 6 years post-removal, and described a considerable coarsening of the surface sediment between 3 and 4 years postclearance. The delay in this textural change may be linked to the slow rate of root decomposition. It was speculated that the dense mangrove roots help to hold the sediments until decomposition reaches a point where the hydrodynamics of the site override the declining holding capacity of the root matrix. The timeframe sits within model predictions developed by Gladstone-Gallagher et al. (2014) , showing that buried Avicennia marina var. australasica wood and pneumatophores decompose to half their original weight between 317 and 613 days. A broader examination of root biomass across ~40 mangrove removal sites indicated that belowground biomass may persist for as long as 16 years after mangrove removal (Lundquist et al. 2014a, Lundquist unpublished data) . In situ decomposition experiments also reported up to decadal delays in decomposition of belowground biomass, associated with low rates of sediment erosion and surface elevation change at most mangrove removal sites in New Zealand (Gladstone-Gallagher et al. 2014; Lundquist et al. 2014a) .
Although the rate at which silts and clays are removed from the sediment surface and redistributed is variable after mangrove removal, the abovementioned work demonstrates that generally some textural coarsening is observed after a number of years. It is possible, however, that any textural changes to the surface may mask persistence of muddy material at depth (Figure 15 ). Quantitative assessments of sediment characteristics below the surface are rare, although these assessments should be undertaken as (i) benthic faunal composition may not shift toward a typical sandflat community if mud remains at depths similar to those where filter feeding bivalves dwell, and (ii) the desired firming up of the substrate may not be realised in the short term.
'Sand armouring' has been observed following mangrove clearing in Whangamata Harbour (Stokes and Harris 2015) , where a 5 mm sand cap developed between two monitoring surveys at 3 and 6 years after clearing. The sand cap increased the erosion threshold of the substrate, reducing the sediment's mobility under the typical hydrodynamic conditions of the estuary. This finding implies that continued 'recovery' would require stronger than normal tidal currents or wave forces for any further entrainment and redistribution of sediments to be realised. Sandy silts were observed beneath the surface sand lens, although the grain size coarsened to a silty sand within the upper 20 -60 cm. The depth of mangrove muds may have been limited at this site due to the relative immaturity of the mangroves that were cleared. In comparison, a recent assessment of changing soil characteristics following mangrove clearing in Vietnam found that sediment properties evolved to a depth of 35 cm as a result of the clearing activity. The mud and sediment organic carbon content decreased by > 65 % in the 2 years following mangrove removal, with a variable mud content of < 80 % from the surface to around 30 cm depth, after which both the cleared and intact mangrove sediment cores presented similar mud content of > 90 % (Grellier et al. 2017) .
Surface sediments may evolve to reflect sandflat conditions, but buried sediment may not mirror the textural conditions at the surface. Nevertheless, sediment core profiles are rarely included in the assessment of mangrove clearing impacts, despite the potential of these sediments at depth to limit faunal recolonization. Further investigation into the temporal changes of the sediments below the surface is required. A cleared site must be exposed to sufficiently strong tidal flows to facilitate the on-going removal and redistribution of muddy sediments. Consequently, recovery may be impeded by low-energy hydrodynamic conditions, and also by continued supplies of terrigenous muddy sediment, particularly where catchments and riparian zones are still poorly managed. Indeed, there may be some locations that will not realise substantial restoration. Monitoring changes in both surface and deeper sediments is therefore a requirement to avoid unjustified conclusions regarding the 'success' of the mangrove removal in terms of the return to a sandier system that could support greater abundance and diversity of intertidal macrofauna (Stokes et al. 2016) . 
Effects of mangrove clearance on carbon dynamics
It is estimated that mangrove deforestation generates as much as 10% of carbon emissions from deforestation globally, yet mangrove ecosystems account for only 0.7% of the deforested area (Donato et al. 2011) . Not only does mangrove clearance result in a loss of mangrove primary production, estimated at 4 to 10 tonnes carbon per year for New Zealand (derived from Bulmer et al. 2016a, b; Gladstone-Gallagher et al. 2014; Woodroffe 1982) ), mangrove clearance also results in a loss of estuarine carbon stocks, estimated at 79 tonnes carbon per hectare of mangrove cleared (Bulmer et al. 2016b ). Rather than a rapid loss of carbon immediately following mangrove clearance, this loss is expected to occur over a number of years to decades following clearance due to the slow decomposition of organic matter within New Zealand mangrove sediments (Bulmer et al. 2015; Bulmer et al. 2017b; Gladstone-Gallagher et al. 2014) .
As the majority (>90%) of carbon stocks within mangrove ecosystems are stored belowground in the sediment (Bulmer et al. 2016b ), one of the primary pathways for carbon export from mangrove ecosystems following mangrove clearance is via sediment CO2 efflux . The average rate of sediment CO2 efflux from mangrove clearance sites throughout New Zealand is 133.9 ± 37.2 mmol m -2 d -1 , which is comparable to rates observed in cleared mangrove sites in the tropics (Bulmer et al. 2015) . The rate of sediment CO2 efflux from cleared mangroves varies based on a number of factors, such as time since clearance (Grellier et al. 2017; Lovelock et al. 2011) , the organic matter content of the sediment column, as well as clearance methodology (Bulmer et al. 2015; Bulmer et al. 2017b ). For example, mechanical mulching and dispersal of aboveground biomass in situ has been associated with sediment CO2 efflux 7 times higher than that of smaller hand clearances where aboveground biomass was removed from the site (Bulmer et al. 2015) . Nonetheless, the loss of carbon stocks and carbon emissions associated with mangrove removal is not currently considered in consent applications for mangrove clearance.
Effects of mangrove clearance on other ecosystem services
Many of the expected benefits of mangrove clearance rely on a transition (or return) to a previous state of the estuarine system when sandflats were still a common feature. This return should be resulting from the erosion of muddy sediments and erosion or decomposition of belowground biomass post mangrove clearance (see section 1.8.2). If clearance sites do return to sandflat characteristics, the associated changes in macrofaunal community structure are likely to support an increase in macrofaunal diversity and abundance and associated ecosystem functioning (Thrush et al. 2004) . Nevertheless, regardless of whether mangrove ecosystems are expanding or are being cleared, New Zealand faces a fundamental problem with regard to high levels of terrigenous fine sediment inputs and enhanced sedimentation impacting estuarine habitats and reducing many of the ecosystem services provided (Thrush et al. 2004) . As increased mud content and loss of macrofauna is driving many of the declines in ecosystem functioning faced in New Zealand estuaries (Thrush et al. 2004) , mangrove clearance appears unlikely to increase provisioning of these ecosystem services (see also section 1.6). Rather, the infilling of estuaries that facilitates mangrove expansion and degrades other estuarine habitats, is a long lasting geomorphological process and clearance sites remain comparable to intact mangrove ecosystems many years after clearance (in regards to sediment conditions, macrofaunal communities and carbon and nutrient cycling; as discussed in section 1.8.2). Holistic catchment management approaches that reduce sediment loads into estuaries should thus be an integral part of both mangrove management and restoration of estuarine ecosystems (Lundquist et al. 2017) .
Community group perceptions of the effects of mangrove clearance on the restoration of ecosystem services are generally positive, reflecting restoration of ocean views through removal of vegetation, and in some cases, successful restoration of recreational access through clearing of channels through the mangroves that support boat or kayak access. However, these benefits should be balanced with losses of other ecosystem services that benefit humans, such as carbon sequestration (section 1.8.3) and nutrient storage (Bulmer et al. 2017b ), flood protection, and buffers against coastal erosion (section 1.3.2). Removal of the latter function of mangroves has resulted in visible erosion of neighbouring saltmarsh vegetation at a number of mangrove removal sites ( Figure 16 ).
Initial concerns that mangrove removals might have negative downstream impacts (through sediment erosion and subsequent deposition) on neighbouring seagrass meadows and shellfish beds have not eventuated (Lundquist et al. 2012 ). However, mangrove removals have also not been associated with the return of previously abundant seagrass and shellfish beds, suggesting that further changes in catchment management and reductions in sediment loads are required to benefit these habitats, whose declines were unlikely to be caused by mangrove expansion. Further study is required to assess concerns that mangrove removals could have negative impacts on shorebirds that utilise mangrove habitats for roosting, foraging, or as protection from predators, as limited information collected at Whangamata suggested that there were no impacts of removals on shorebird populations (Wildlands 2014) . To further avoid impacts on bird populations, consent conditions typically require mangrove removals to occur at times that are unlikely to disturb roosting or nesting seasons. Figure 16 . Erosion of saltmarsh habitat after removal of mangroves, Tauranga Harbour (Lundquist 2015).
Synthesis: expanding mangroves and the future
The complexity of the interlinked biophysical processes in mangroves, as discussed in section 1.3, means that the outlook for New Zealand mangroves with future changes in climate and physical forcings is not well known. Nonetheless, several key drivers of change can be identified: sea-level rise, change in weather patterns and alterations to sediment supply.
Sea-level rise can be difficult to assess in a geologically active area such as New Zealand, as estimations of (relative) vertical elevation changes need to include vertical landmass movements . Moreover, in other locations, responses of mangroves to sea-level rise have been shown to be highly site specific . Although inundation is increased under higher sea levels, which may imply drowning of mangrove forests (Gilman et al. 2006; Ward et al. 2016) , a higher sea level also leads to a greater tidal prism, which can potentially support larger waves with the ability to resuspend more sediment, enhancing inward sediment transport (Green and Coco 2007; Horstman et al. 2015) . Additionally, mangrove forests can also accrete through belowground biomass production (Kirwan and Megonigal 2013) . Indeed, forests in regions with ample sediment supply have shown to possess the ability to accrete vertically to keep pace with sea-level rise (Krauss et al. 2014) . A similar resilience could be expected for New Zealand mangroves, provided local sediment supplies into the estuaries remain high.
Mangrove root architecture and hence also sediment trapping ability has been found to depend on salinity (Krauss et al. 2014) , and therefore changes in rainfall may lead to a changing mangrove distribution, particularly at their upstream extent on riverbanks. Changes in the frequency and intensity of storms may further enhance sediment delivery events (see section 1.2.4 on mangrove expansion), but conversely, may reduce 'windows of opportunity' in which mangroves can expand (see section 01.4 on mangrove succession). Moreover, an excess of sediment supply can lead to burial and death of mangroves (Sidik et al. 2016) . Hydrodynamic changes can also affect sediment storage and supply in offshore shelf regions Nittrouer et al. 2017) , indirectly affecting sediment supply to the mangroves.
Lastly, human interactions provide further unknowns. Activities such as damming reduce sediment supply and may eventually lead to a sediment starved system without the resilience to cope with sea-level rise (Allison et al. 2017; Horstman et al. 2015; McBride et al. 2016; Syvitski et al. 2005; Willemsen et al. 2016 ). Construction of landward boundaries such as dikes and barriers limits tidal fluxes of water and sediments (Willemsen et al. 2016; Winterwerp et al. 2005) and also restricts landward movement of the forest, the latter causing coastal squeeze Mills et al. 2016) . Nevertheless, despite these uncertainties, it is thought that New Zealand's temperate and sediment rich estuaries will be more resilient than tropical forests (Alongi 2008; Schaeffer-Novelli et al. 2002) .
The capacity of New Zealand mangroves to mitigate erosion and to raise surface elevations, provides these coastal ecosystems with an intrinsic resilience, potentially enabling them to combat land subsidence and (relative) sea-level rise (McBride et al. 2016) . For example, in the Firth of Thames, bed elevations inside the mangroves (Figure 7 .A) have accreted to an elevation of more than a meter above the elevation of the land directly behind the stop bank that separates the mangroves from the subsiding Hauraki Plains (Horstman unpublished data). This mangrove forest has a width of more than a kilometre, and has been observed to reduce tidal water level fluctuations and storm surges, thereby reducing the intrusion of saline (ground)water and enhancing the protection provided by the stop bank. This forest is a typical example of a coastal ecosystem defence, where ecological engineering (by the mangroves) benefits the safety and quality of the coastal zone (Borsje et al. 2011; Bouma et al. 2014; Temmerman et al. 2013) .
Regulating ecosystem services, such as the contribution of mangroves to coastal defence (section 1.3) and carbon sequestration (section 1.5), together with other provisioning ecosystem services (as discussed in section 1.6), are the motivation behind the global surge in mangrove restoration and management efforts (Bosire et al. 2008; Gilman and Ellison 2007; Hashim et al. 2010; Lewis 2005) . New Zealand mangroves do not at present suffer from reduced sediment inputs or other physical stressors (apart from the temperature limitation) and therefore, these systems provide a useful example illustrating the biophysical interactions and succession dynamics of expanding mangrove ecosystems (discussed in sections 1.3 and 1.4).
In New Zealand, however, mangrove expansion is surrounded with a negative connotation, owing to the reduced ecosystem value of temperate mangroves compared to their tropical equivalent, as well as the change of intertidal ecosystems and the loss of amenity values associated with mangrove expansion. The consequent tendency towards mangrove removal, following these negative impacts, has partly been due to un-or misinformed decision making (as discussed in section 1.7) and a general lack of knowledge concerning the consequences of mangrove removal. However, with a growing body of knowledge related to mangrove removal, opportunities arise for integrated coastal zone management strategies carefully weighing both the disadvantages and the opportunities related to mangrove expansion. Planning such comprehensive coastal management strategies could benefit from models that allow the simulation of morphological changes in the coastal zone in relation to the establishment and succession of mangroves, also including related impacts on the biophysical interactions in the mangroves and the consequences for coastal stability and safety. A range of such interdisciplinary models exists for salt marshes (e.g. Kirwan and Murray 2007; Temmerman et al. 2005; van de Koppel et al. 2012) , but for mangroves the development of these models is still in its infancy Horstman et al. 2015; van Maanen et al. 2015) . As shown throughout this chapter, these processes form the basis of an active area of research, which will contribute towards integrated coastal zone management incorporating the services provided by mangroves and honouring the traditional belief in kaitiakitanga -that if an ecosystem is sustained and cared for, it can then provide benefits back to humanity.
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